
Divergent roles of herbivory in eutrophying forests
Josiane Segar  (  josiane.segar@idiv.de )

German Centre for Integrative Biodiversity Research https://orcid.org/0000-0001-9481-7211
Henrique Pereira 

University Halle-Wittenberg https://orcid.org/0000-0003-1043-1675
Lander Baeten 

Ghent University https://orcid.org/0000-0003-4262-9221
Markus Bernhardt-Römermann 

Friedrich Schiller University Jena https://orcid.org/0000-0002-2740-2304
Pieter De Frenne 

Ghent University https://orcid.org/0000-0002-8613-0943
Néstor Fernández 

German Centre for Integrative Biodiversity Research (iDiv) Halle-Jena-Leipzig https://orcid.org/0000-
0002-9645-8571
Frank Gilliam 

University of West Florida
Jonathan Lenoir 

CNRS https://orcid.org/0000-0003-0638-9582
Adrienne Ortmann-Ajkai 

University of Pécs
Kris Verheyen 

Ghent University
Donald Waller 

University of Wisconsin https://orcid.org/0000-0001-5377-3929
Balázs Teleki 

University of Pécs, Institute for Regional Development, Rákóczi str. 1, H-7100, Szekszárd, Hungary and
University of Debrecen, Department of Ecology, Egyetem sqr. 1,H-403
Imre Berki 

University of Sopron, Institute of Environmental and Earth Sciences, Bajcsy-Zsilinszky str. 4., H-9400,
Sopron
Jörg Brunet 

SLU
Markéta Chudomelová 

Institute of Botany of the Czech Academy of Sciences
Guillaume Decocq 

https://doi.org/10.21203/rs.3.rs-1734710/v1
mailto:josiane.segar@idiv.de
https://orcid.org/0000-0001-9481-7211
https://orcid.org/0000-0003-1043-1675
https://orcid.org/0000-0003-4262-9221
https://orcid.org/0000-0002-2740-2304
https://orcid.org/0000-0002-8613-0943
https://orcid.org/0000-0002-9645-8571
https://orcid.org/0000-0003-0638-9582
https://orcid.org/0000-0001-5377-3929


Thomas Dirnböck 
Environment Agency Austria https://orcid.org/0000-0002-8294-0690

Radim Hédl 
Institute of Botany, Czech Academy of Sciences https://orcid.org/0000-0002-6040-8126

Thilo Heinken 
University of Potsdam https://orcid.org/0000-0002-1681-5971

Bogdan Jaroszewicz 
Faculty of Biology, University of Warsaw https://orcid.org/0000-0002-2042-8245

Martin Kopecký 
Czech Academy of Sciences https://orcid.org/0000-0002-1018-9316

Martin Macek 
Academy of Sciences of the Czech Republic, Institute of Botany

František Máliš 
Faculty of Forestry, Technical University in Zvolen, T. G. Masaryka 24, SK-960 01 Zvolen

Tobias Naaf 
Anna Orczewska 

University of Silesia
Kamila Reczyńska 

University of Wrocław
Wolfgang Schmidt 

University of Göttingen https://orcid.org/0000-0001-5356-4684
Jan Šebesta 

Mendel University in Brno
Alina Stachurska-Swakoń 

Jagiellonian University in Kraków
Tibor Standovár 

Eötvös Loránd University https://orcid.org/0000-0002-4686-3456
Krzysztof Świerkosz 

University of Wrocław
Ondřej Vild 

Institute of Botany of the Czech Academy of Sciences, Lidická 25/27, CZ-602 00, Brno
Monika Wulf 
Ingmar Staude 

Leipzig University

Article

Keywords:

Posted Date: June 23rd, 2022

https://orcid.org/0000-0002-8294-0690
https://orcid.org/0000-0002-6040-8126
https://orcid.org/0000-0002-1681-5971
https://orcid.org/0000-0002-2042-8245
https://orcid.org/0000-0002-1018-9316
https://orcid.org/0000-0001-5356-4684
https://orcid.org/0000-0002-4686-3456


DOI: https://doi.org/10.21203/rs.3.rs-1734710/v1

License:   This work is licensed under a Creative Commons Attribution 4.0 International License.  
Read Full License

https://doi.org/10.21203/rs.3.rs-1734710/v1
https://creativecommons.org/licenses/by/4.0/


 1 

Divergent roles of herbivory in eutrophying forests 1 

 2 

  3 

Abstract 4 

 5 

Ungulate herbivore populations are increasing across Europe with important implications for 6 

forest plant communities. Concurrently, atmospheric nitrogen (N) deposition continues to 7 

eutrophy forests, threatening many rare plant species. These pressures may critically interact 8 

to shape biodiversity as in grassland and tundra systems, yet any potential interactions in 9 

forests remain poorly understood. Here we combined vegetation resurveys from 52 sites in 13 10 

European countries to test how changes in ungulate herbivory and eutrophication drive long-11 

term changes in forest understorey communities. Changes in herbivory increased temporal 12 

species turnover, however, identities of winner and loser species depended strongly on N 13 

levels. Under low level N-deposition, herbivory favored threatened and small-ranged species, 14 

while reducing non-native and nutrient-demanding species. Yet all these trends were reversed 15 

under high levels of N-deposition. Herbivores also reduced shrub cover, likely exacerbating N 16 

effects by increasing light levels in the understorey. Eutrophication levels may therefore 17 

determine whether herbivory acts as a global change catalyst for the “N time bomb”, or as a 18 

conservation tool in forests. 19 

  20 

 21 

Introduction 22 

 23 

Temperate forests represent globally important ecosystems both as habitats supporting a 24 

unique set of species and providing essential ecosystem services1–4. These values are 25 

threatened, however, by unprecedented forest die back and loss of species diversity5–7. It is 26 

critical, therefore, to understand the processes that are beneficial or detrimental for forest 27 

functioning8. Ungulate herbivory is an important driver of ecological change in forests and 28 

populations are broadly increasing across Europe. Yet their conservation role remains highly 29 

contended9–17. Effects of herbivory are often varied and highly context dependent10, with 30 

studies rarely exploring interactions with other global change drivers. Herbivory and 31 

eutrophication have been shown to strongly interact and drive vegetation dynamics in 32 

grassland and tundra systems by mitigating light limitations and releasing low stature, often 33 

threatened, species from competition18,19. However, this interaction is poorly understood in 34 

forests where nitrogen (N) deposition often continues to exceed critical loads20–22. Examining 35 

how herbivory interacts with N-deposition in forest plant communities is, therefore, key to 36 

making informed forest management and restoration decisions.  37 
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 38 

The second half of the 20th century witnessed the resurgence of many populations of wild 39 

grazer and browser species increasing their density and range across European 40 

landscapes23,24. Several factors contributed to these trends including restrictions on hunting, 41 

hunter desires for higher game densities, land abandonment, and deliberate 42 

reintroductions25,26. Human pressures have also acted to push some of these species from 43 

more open systems into forest habitats27. Consequently, the majority of wild grazing pressure 44 

now occurs in forests with profound consequences for forest ecosystems23,28,29. Ungulate 45 

herbivores can strongly affect forest ecosystems by reducing understory vegetation biomass 46 

and tree regeneration, dispersing seeds, compacting soils, and altering rates of nutrient 47 

cycling30–32.  Studies find highly heterogeneous vegetation responses to herbivory, whereby 48 

some species benefit, while others decline or disappear, in turn affecting composite indicators 49 

like plant cover and diversity9–16. Conservation effects of herbivory are yet more contentious17. 50 

Some evidence suggests that herbivory can reduce threatened species15 while favouring non-51 

natives33. Other studies find that herbivory suppresses competitive species, in turn favouring 52 

low-stature and threatened species34–36. Understanding these varying effects of herbivory is 53 

central to policy recommendations for forest and wildlife managers. 54 

 55 

Concurrent with herbivore expansions, eutrophication of natural communities greatly 56 

increased over the last century largely in response to atmospheric N-deposition and other 57 

nutrients, as well as shifts in forest management37. This has led to the reordering of native 58 

woodland plant communities6,22. N-demanding species tend to be generalists with large 59 

climatic and geographic ranges that are most competitive in areas with high N loads. Higher 60 

growth rates allow them to outcompete N-efficient species, many of which are of low stature 61 

and/or with more restricted geographic range, traits typical of many rare and threatened 62 

species38–40. Nonetheless, experimental evidence of N additions to forest understories appear 63 

less consistent than those observed in grasslands, with forest systems remaining more stable 64 

than predicted under increasing eutrophication20–22,40–43. Shifts towards a “high forest” 65 

management system over the last century have led to average increases in the biomass of 66 

tree and/or shrub layers across many temperate European forests40,44,45. This increase is 67 

hypothesized to attenuate the impact of N-deposition by reducing light availability to the 68 

understorey, generating time lags in vegetation responses7,46–48. The slow but pervasive 69 

effects of N-deposition have led some to label this threat a “N time bomb”40. 70 

 71 

Given that large herbivores tend to reduce shrub and herb cover and height, they often 72 

increase light levels to the understorey (here the herbaceous layer) 49–51, thereby potentially 73 

influencing N-effects and competition among plants52,53. Here we test three alternative 74 



 3 

hypotheses. (1) Increases in herbivory could alter the effects of N-deposition by mitigating light 75 

limitation and competitive effects on low-stature species as it does in grassland and tundra 76 

systems18,19,54,55; (2) as light regimes in forests differ greatly from grasslands, herbivory in 77 

forests might instead preferentially facilitate the spread of non-native, N-demanding 78 

species56,57, as these proliferate in N-enriched sites when light availability is high58; (3) there 79 

is no interactive effect of herbivory as systematic increases in canopy cover59 attenuate any 80 

effect of herbivory on the shrub and understorey layers53. Our study leverages long-term 81 

vegetation data from 2928 plots in 52 resurvey studies in semi-natural temperate forest sites 82 

across Europe (median: 47.5 yrs between surveys; Figure 1) to test these hypotheses. By 83 

quantifying the interactions between herbivory and N-deposition, we add to the growing debate 84 

about whether and under what conditions herbivory can contribute to contemporary forest 85 

management at times of unprecedented environmental change.  86 

 87 

 88 

Fig. 1 Spatial distribution of resurvey sites, N-deposition in the year 2000, and changes 89 
in (Δ) herbivory pressure across Europe. Map of all 52 resurvey sites (color of points 90 
correspond to the magnitude of change in site herbivore pressure between the baseline and 91 
resurvey; Table S3). Total nitrogen deposition (wet and dry, reduced and oxidized) is 92 
calculated using the EMEP database for the year 2000 and displayed across a colour gradient 93 
of light to dark blue representing lowest to highest values at a spatial resolution of 10km. 94 
 95 

Results  96 

 97 
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We found that, on average, shrub layer cover increased, herb layer cover decreased, and tree 98 

layer cover remained mostly constant over time in our forest sites. Increases in herbivory had 99 

a statistically clear negative effect on shrub layer cover (β = -0.88, σ = 0.34), whilst the effect 100 

on herb and tree layer cover were statistically non-discernable from zero (β = -0.12, σ = 1.22; 101 

β = 0.33, σ = 0.47 respectively; Figure 2a-c, Table S4-S6). 102 

 103 

 104 

Figure 2. Higher herbivory decreased shrub layer cover, but not herb and tree layer 105 
cover. Relationships between changes in (Δ) herbivory pressure and a, Δ shrub layer cover, 106 
b, Δ herb layer cover, and c, Δ tree layer cover, together with the frequency distribution 107 
(density, boxplot and points) of the respective response variable (horizontal lines at zero 108 
indicate no change, and triangles indicate the mean). All models included intercensus time 109 
period, log site area, and baseline herbivory as covariates. Lines and ribbons represent the 110 
predicted mean and its 95% credible interval, respectively. Dashed lines represent statistically 111 
unclear relationships. 112 
 113 

Herb layer species richness tended to decrease over time at the site level, but statistically it 114 

was not clear whether herbivory contributed to this trend (β = -1.29, σ = 0.95; Figure 3a, Table 115 

S7). In contrast, greater increases in herbivory clearly elevated temporal species turnover in 116 

the herb layer (β = 0.008, σ = 0.002; Figure 3b, Table S8).  117 

 118 
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 119 

Figure 3. Herbivory increased temporal species turnover but was not clearly associated 120 
with changes in species richness. Relationships between change in (Δ) herbivory pressure 121 
and a, Δ species richness (number of species) and b, temporal species turnover (unitless) at 122 
a study site, together with the frequency distribution (density, boxplot and points) of the 123 
respective response variable (horizontal lines at zero indicate no change, and triangles 124 
indicate the mean). All models included intercensus time period, log site area, and baseline 125 
herbivory as covariates. Lines and ribbons represent the predicted mean and its 95% credible 126 
interval, respectively. Dashed lines represent statistically unclear relationships. 127 
 128 
By testing the separate effects of herbivory and N-deposition, we found that increases in 129 

herbivory shifted forest plant communities towards species with higher nutrient demands as 130 

inferred from increases in community-weighted mean N-numbers (species indicator values for 131 

nutrients) (CWM-N; β = 0.023, σ = 0.008, Figure 4a, Table S9). Similarly, the proportion of 132 

non-native species increased with herbivory (β = 0.164, σ = 0.076, Figure 4c, Table S10). Per 133 

contra, increases in herbivory had a negative but statistically unclear effect on the proportion 134 

of species classified as threatened in national Red Lists, or of small-ranged species (Figure 135 

4e and g, Table S11 and S12). To understand the relationships between herbivory, shrub 136 

suppression and vegetation changes, we evaluated how changes in shrub layer cover affected 137 

responses in nutrient-demanding and non-native species. Increases in shrub layer cover 138 

tended to reduce both the CWM-N (β = -0.005, σ = 0.003) and the proportion of non-native 139 

species (β = -0.082, σ = 0.03; Figure S1a and b, Table S13 and S14). As expected from 140 

previous studies38, N-deposition reduced proportions of threatened and small-ranged species 141 

(β = -0.003, σ = 0.001 and β = -0.0084, σ = 0.0047), but increased proportions of non-native 142 

species (β = 0.006, σ = 0.002; Figure S2a, b and c, Table S15 – S18). Higher cumulative N-143 

deposition also tended to increase nitrophilous species, but this effect was not statistically 144 

clear (Figure S2d).  145 

 146 
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 147 

Figure 4. Herbivory effects depend on N-deposition levels. Relationships between change 148 
in (Δ) herbivory pressure and a, Δ community-weighted mean N-number (CWM-N), c, 149 
percentage change (Δ %) non-native species, e, Δ % red-listed species and g, Δ % small-150 
ranged species, together with the frequency distribution (density, boxplot and points) of the 151 
respective response variable (horizontal lines at zero indicate no change, and triangles 152 
indicate the mean). Herbivory effects depend on N-deposition (b, d, f and h). Conditional 153 
effects of herbivory are depicted at the 10th (348 kg/ha; left) and 90th (1010 kg/ha; right) 154 
percentile of cumulative N-deposition in the data. All models included intercensus time period, 155 
log site area, and baseline herbivory as covariates. Lines and ribbons represent the predicted 156 
mean and its 95% credible interval, respectively. Dashed lines represent statistically unclear 157 
relationships. Rugs at figure bottom in b, d, f and h depict the marginal distribution of the 158 
predictor. Cumulative N-deposition is calculated between the baseline and resurvey year per 159 
site. See Figure S2 and Table S15 - 18 for model outputs of the effects of N-deposition alone.  160 
 161 

Responses of all four variables to changes in herbivory not only varied but actually reversed 162 

direction between sites subject to low vs. high levels of cumulative N-deposition (Figure 4b-h, 163 
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Table S19 – S22). That is, the linear trends reported above masked consistent differences in 164 

how the effects of herbivory depended on N-deposition in forest understorey communities. For 165 

example, increases in herbivory favored threatened and small-ranged species at sites subject 166 

to low cumulative N-deposition while reducing them at sites subject to high N-deposition 167 

(interaction: β = -5x10-4, σ = 2x10-4 and β = -1.6x10-3, σ = 7x10-4, respectively; Figures 4f and 168 

h). Similarly, increases in herbivory discouraged non-native species at low N-deposition sites 169 

while increasing their proportions at high N-deposition sites (interaction: β = 7x10-4, σ = 3x10-170 
4; Figure 4d). We also found that the overall effect of increased herbivory on nitrophilous 171 

species (Figure 4a) obscured the stronger effects of herbivory that occured at high and low 172 

levels of N-deposition (β = 1x10-4, σ = 3 x 10-5). At sites with low cumulative N-deposition, 173 

increases in herbivory reduced CWM N-numbers while increased herbivory at sites with high 174 

cumulative N-deposition yielded conspicuous increases in community N-numbers (Figure 4b). 175 

In sum, the actual effects of herbivory appeared to depend on levels of N-deposition. 176 

 177 

Discussion 178 

 179 

Long-term data from 52 forest sites across Europe provided a natural experiment that allowed 180 

us to assess the separate and combined effects of herbivory and eutrophication on changes 181 

in forest understorey composition. Specifically, we were able to test how shifts in herbivory 182 

and N-deposition interact to affect community composition. Herbivory did not mitigate the 183 

negative effects of eutrophication as found in grasslands19,54,55. Instead, it played divergent 184 

roles in forests that depended on historical accumulated nitrogen inputs (Figure 4). At high 185 

cumulative N-deposition, increased herbivory favored nitrophilous and non-native species 186 

while diminishing species of conservation concern. Conversely, at low cumulative N-187 

deposition, herbivory reduced nitrophilous and non-native species while favoring species of 188 

conservation concern. These results suggest that herbivory can amplify the deleterious effects 189 

of terrestrial eutrophication in forests, despite providing conservation benefits when nutrient 190 

inputs are low. These contrasting, context-dependent roles of herbivory echo and help to 191 

account for the reported heterogeneous effects of herbivory on forest community 192 

composition26. Our findings are further consistent with the hypothesis of a “N time bomb” in 193 

forests that may be triggered by disturbances that increase light availability, such as herbivory. 194 

 195 

Herbivory may increase light availability and act on vegetation dynamics in several ways. 196 

Although shrub layer cover tended to increase at the sites of our study, herbivory reduced it 197 

(Figure 2a). This finding is consistent with other studies showing that herbivory can reduce the 198 

density and volume of woody vegetation33,50,60. Changes in tree canopy cover, however, were 199 

not associated with changes in herbivory and we found no directional change in canopy cover 200 
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(Figure 2c). Effects of herbivory on light availability and vegetation dynamics, thus do not 201 

appear to be fully explained by any systematic change in canopy cover. Herbivores may also 202 

reduce herbaceous plant height49,61 by feeding preferentially on palatable (often nutrient-203 

demanding) species33 thereby increasing light availability and releasing space for colonizers. 204 

While we could not directly test this, we found that overall declines in herb layer cover were 205 

not associated with changes in herbivory (Figure 2b). This could also explain the negligible 206 

effect of herbivory on species richness (Figure 3a), as changes in abundance are typically 207 

accompanied by changes in species richness62,63. Nonetheless herbivory accelerated 208 

temporal turnover (Figure 3b). This may be partially explained by increased light availability 209 

following reductions of shrubby vegetation (Figure S1). Moreover, herbivores may directly alter 210 

community composition via browsing, grazing and rooting33,64 as well as zoochorous seed 211 

dispersal32,65, reducing some species and enhancing propagule pressure and colonization of 212 

others. Which species benefit precisely from these processes likely depends on additional 213 

factors, such as available ambient N. 214 

 215 

Effects of N-deposition are hypothesized to be more attenuated in forests due to low light 216 

conditions49,66. Consequently, a release of light limitations by herbivory may catalyze the 217 

spread of non-native and nitrophilous species, which often require open and disturbed sites67. 218 

Elevated ambient N-levels favor species with high growth and reproductive rates allowing 219 

them to outcompete species with more conservative growth strategies68. Outcompeted 220 

species may preferentially have conservation value – threatened and native species generally 221 

had lower N-numbers than non-threatened and non-native species (Figure S4). In contrast, 222 

sites with low N-deposition showed increases in small-ranged and threatened species, with 223 

concomitant declines in non-native, nutrient-demanding species as herbivory increased. This 224 

finding echoes studies showing that without eutrophication, herbivory favors low-stature, light-225 

demanding herbs, many of which have lower N-demands15,69. This pattern may reflect how 226 

herbivores tend to feed on palatable species with high leaf N and reduced toxicity and perhaps 227 

that these species cannot recover as readily from herbivory when N is limited70.  228 

 229 

Studies of herbivory effects typically rely on short-term comparisons involving artificial 230 

herbivore exclosure/enclosure sites e.g., ref.64. Our study instead leveraged data across a 231 

broad spatio-temporal scale to emphasize ecological realism with wild plant communities and 232 

free roaming herbivores (Table S3). Nevertheless, our observational approach has limitations. 233 

Our approach cannot account for all the potentially important confounding variables (or test 234 

for potential higher-order interactions among them). For example, although we did not find a 235 

statistically clear effect of site productivity here (Table S26), it would be useful to explore 236 

whether the interaction effects we observed would hold across larger productivity gradients. 237 
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Furthermore, our dataset reflected the natural dominance of red, roe and fallow deer and wild 238 

boar species in Europe (Table S3). These species can have different feeding preferences, 239 

physiologies, and biomass requirements to the larger feeders such as bison and moose 71 that 240 

were only present in a few sites. Our results are likely to be driven by these dominant species, 241 

making it essential to understand whether the observed relationships would hold should 242 

populations of other herbivores increase. Finally, our herbivore densities reflect expert local 243 

knowledge, subject to uncertainty and error, particularly for the baseline surveys. More precise 244 

experimental approaches will be useful to substantiate our findings, however these may 245 

realistically not be able to match the spatio-temporal scales of our study.  246 

 247 

As ungulate herbivory broadly increases across Europe and N-deposition often continues to 248 

exceed critical loads24,38, our study demonstrates that herbivory and N-deposition can interact 249 

to affect forest ecosystems. Effects of herbivory depended strongly on on levels of forest 250 

eutrophication for all of the key indicators we examined. These interacting effects have 251 

important implications for conservation, and especially rewilding efforts that focus on the 252 

reintroduction of herbivores in forest settings. Despite recent efforts to curtail N-emissions, 253 

rates continue to exceed critical loads in many areas with potential legacy effects on 254 

communities in the future42,72. The ability of N-demanding and many non-native species to 255 

outcompete and displace rarer and more range-limited species of conservation concern are 256 

likely to amplify and sustain such legacy effects. Therefore, policies that effectively curtail N-257 

emissions are essential for forest protection in the long run. Depending on our ability to do so, 258 

herbivory can act either to trigger the N time bomb or as a tool to bolster species of 259 

conservation concern in the future. 260 

 261 

Methods 262 

 263 

Database. We compiled baseline vegetation survey and resurvey data from 52 sites with 264 

associated herbivory data distributed across 13 European countries in the temperate 265 

deciduous forest biome (Figure 1; see www.forestreplot.ugent.be and ref. 40 for inclusion 266 

criteria; Table S1 and S2). These sites occur in historically continuously forested natural and 267 

seminatural forest that have not experienced any substantial change in land-use either prior 268 

to the baseline survey or between the two surveys (sensu ref.73 ). Site areas ranged from 5.5 269 

ha to 2.5 x 106 ha (median: 2300ha). At each site, researchers surveyed both the understorey 270 

and woody species across 10 to 190 permanent or quasi-permanent plots per site (median: 271 

50; total: 2928). Time intervals between the first and last surveys ranged from 10 to 64 years 272 

(median: 47.5 years). We accounted for changes in species taxonomy between surveys and 273 

sites by harmonizing species names following GBIF’s backbone taxonomy74,75. This prevented 274 
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double-counting species or inferring inflated estimates of turnover. Altogether, our dataset 275 

contains 1,257 species across all sites and time periods. 276 

 277 

Explanatory variables 278 

Herbivore pressure. We quantified ungulate herbivore pressure at the level of a study site 279 

for the baseline and last resurvey time points based on expert assessment from each local 280 

dataset custodian/site manager in the forestREplot network18. Experts estimated herbivore 281 

densities independently per species of ungulate as the number of individuals per 100 ha on 282 

an ordinal scale from 0 (no herbivores present) to 6 (>100 individuals per 100 ha). In total 283 

there were 13 ungulate species across all sites, ranging from roe deer to European bison. We 284 

also consider wild boar as herbivore species here, even though their diet extends beyond 285 

vegetation. We then summed these ordinal values across species at each site and time period, 286 

to reflect the overall herbivore pressure, following a similar approach as in ref.8,18,76 (see Table 287 

S3 for all herbivore data and full ordinal list). We then measured the equivalents of basal 288 

metabolic rates by summing the mean body mass of each species present in a site and 289 

multiplying this by the species ordinal value per site. Mean body mass per species was taken 290 

from the Phylacine database77. As these correlated highly with the density values (R = 0.82; 291 

Fig. S4a) and given an extreme outlier of one site (R = 0.92 when this outlier was removed, 292 

Fig. S4b), we used our herbivore pressure index above in all analyses to avoid leverage. 293 

Temporal herbivore pressure was calculated as the difference between the last resurvey and 294 

the baseline survey values per study site18, with index values ranging from -8 to 18 (Figure 1, 295 

S5a and Table S3). 296 

 297 

N-deposition. We quantified total cumulative N-deposition using the EMEP database 298 

(https://emep.int/mscw/mscw_moddata.html), using cumulative wet and dry deposition of 299 

oxidized and reduced nitrogen78. We calculated the cumulative N-deposition between the 300 

baseline year and the year of the resurvey based on the methods described in ref.8. Therefore, 301 

cumulative N-deposition per site will be influenced by the rate of deposition per year, as well 302 

as the length of the intercensal intervals (i.e., sites with lower yearly rates but long intervals 303 

may have similar values to sites with high yearly rates but shorter intervals). The values of 304 

cumulative N-deposition ranged from 130 to 1296 kg ha-1 (Figure S5b and Table S2).   305 

 306 

Site productivity. To control for the potentially confounding influence of productivity on 307 

vegetation responses to herbivory79,80, we obtained local environmental data from the 308 

EuMedClim database81 on both the potential evapotranspiration and annual precipitation for 309 

each site averaged across the baseline and resurvey years. We then calculated the annual 310 

precipitation to potential evapotranspiration ratio (AP:PET) as a productivity proxy metric82. 311 
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The EuMedClim database ranges from 1901 – 2014 so any sites that had been resurveyed 312 

since 2014 were given the 2014 value as their resurvey value. We calculated the average of 313 

the two time points. AP:PET values ranged from 0.58 – 2.1 across sites. 314 

 315 

Response variables  316 

Herb, shrub, and tree cover. We estimated the cover values of the herb (here defined as all 317 

vascular plant species <1m), shrub (1 – 7m) and tree (>7m) layers by summing cover values 318 

over all species within each layer in a plot per site and then averaging across all the plots at 319 

each site for each variable. We estimated temporal changes in these values by subtracting 320 

the baseline value from the resurvey value8,83. Two sites lacked shrub cover data, with one of 321 

these sites also lacking herb cover data, leaving 50 and 51 sites available for study for these 322 

respective variables. The change values of the herb layer ranged from -94 to 67%, for the 323 

shrub layer the change values were -24 to 22%, and for the tree layer they were -50 to 29%.    324 

 325 

 326 

Species richness change and exchange ratios. Species richness change was calculated 327 

as the difference of the number of herbaceous species at each site between the resurvey and 328 

baseline survey8,83. Herbaceous species turnover was estimated using richness-based 329 

species exchange ratios84 calculated at the site level as: 330  𝑆𝐸𝑅𝑟  =  (𝑆𝑖𝑚𝑚  + 𝑆𝑒𝑥𝑡) 𝑆𝑡𝑜𝑡  331 

where Simm = the number of species gained at resurvey, Sext = the number of species lost at 332 

resurvey, Stot = total number of unique species at baseline and resurvey. We tested for a 333 

relationship between site area and exchange ratio to account for a potential sampling bias 334 

across the sites and found no clear statistical relationship (Figure S6), however, we still 335 

included site area as a variable in the model (see below) to control for this. The range of 336 

change values for species richness and exchange ratios were -98 to 90 and 0.24 to 0.65 337 

respectively.  338 

 339 

Species of conservation value. We identified species of conservation value using two 340 

criteria: (1) Species listed as threatened in national Red Lists based on a recent database 341 

synthesizing national Red Lists across Europe85. That is, we determined the threat status of 342 

each species at a given site based on the respective national Red List of the country in which 343 

that site was located (based on IUCN threat classifications, see ref.86). We then calculated the 344 

percentage of threatened species per site per survey period (baseline site mean = 2.2%, 345 

resurvey site mean = 1.9%). (2) Species that have small geographic range sizes. Our range 346 

size estimates are based on areas of occupancy (AOO, in km2) derived from point occurrence 347 
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records in GBIF by ref.86. We determined the lowest quintile of range size, which we classified 348 

as small ranged. We then calculated the percentage of small-ranged species at each site and 349 

survey period and used changes in these over time to quantify the temporal change (baseline 350 

site mean = 4.1%, resurvey site mean = 3.8%).  351 

 352 

Non-native and nutrient-demanding species. We identified the non-native species present 353 

at each site using the Global Register of Introduced and Invasive Species (GRIIS; 354 

http://www.griis.org) and its designations of which species are non-native in each country. We 355 

then calculated the percentage of non-native species per site per survey period and the 356 

difference over time (baseline site mean = 3.0%, resurvey site mean = 4.8%). We estimated 357 

shifts in species’ N demands using ecological indicator values (EIVs) compiled from ref.87 358 

(sci.muni.cz/botany/juice/ELLENB.TXT) filling data gaps with values from ref.88. Coverage of 359 

N-numbers was 92% of species (1,156 out of 1,257 species). For each study site and survey 360 

period, we quantified the community weighted mean (CWM) N number using the baseline and 361 

resurvey weighted occupancy per species per study site and calculated their difference over 362 

time. The CWM N-number change over time ranged from -0.57 to 1.23 across sites.  363 

 364 

Data analysis 365 

We fitted Bayesian linear models using the brms package in R for all statistical analyses. R 366 

Code and data for all analyses are available on Figshare (link will be provided if published). 367 

We controlled for site factors, i.e., total site area, time intervals between surveys and where 368 

appropriate, baseline herbivory and site productivity. For all analyses, we used the 95% 369 

credible interval to determine statistical clarity89. For brevity, only the main models are 370 

presented here (but all model syntaxes can be found on Figshare).   371 

 372 

Structural changes and turnover. We tested whether cover values (𝑟𝑖) and metrics of 373 

diversity (species richness and exchange ratio: 𝑑𝑖) changed with changes in herbivory (ℎ𝑖). 374 

We included the intercensus time period (𝑡𝑖), the site area (𝑠𝑖) and baseline herbivory (𝑏𝑖) in 375 

both models to account for response variation that might be due to these factors generating 376 

the following models where 𝛼 is the intercept and 𝛽 is the slope of the predictor: 377 

 378 𝑟𝑖  ~ 𝑁𝑜𝑟𝑚𝑎𝑙(𝜇𝑖 , 𝜎) 379 𝜇𝑖   ~ 𝛼 +  𝛽ℎℎ𝑖 +  𝛽𝑡𝑡𝑖 +  𝛽𝑠𝑠𝑖 +  𝛽𝑏𝑏𝑖 380 

 381 𝑑𝑖 ~ 𝑁𝑜𝑟𝑚𝑎𝑙(𝜇𝑖 , 𝜎) 382 𝜇𝑖 ~ 𝛼 + 𝛽ℎℎ𝑖 + 𝛽𝑡𝑡𝑖 +  𝛽𝑠𝑠𝑖 + 𝛽𝑏𝑏𝑖 383 

http://www.griis.org/
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 384 

 385 

Herbivore and nitrogen effects on vegetation. We tested for the separate effects of 386 

herbivory and N-deposition (𝑛𝑖) on species of conservation concern, non-native species, the 387 

CWM N-number (𝑒𝑖). We included the intercensus time period (𝑡𝑖), the site area (𝑠𝑖) and 388 

baseline herbivory (𝑏𝑖) to account for response variation that might be due to these factors:  389 

 390 𝑒𝑖 ~ 𝑁𝑜𝑟𝑚𝑎𝑙(𝜇𝑖 , 𝜎) 391 𝜇𝑖 ~ 𝛼 +  𝛽𝑛 𝑜𝑟 ℎ𝑛 𝑜𝑟 ℎ𝑖 +  𝛽𝑡𝑡𝑖 + 𝛽𝑠𝑠𝑖 +  𝛽𝑏𝑏𝑖 392 

 393 

Interaction effect. Before being able to test interaction effects between temporal changes in 394 

herbivory pressure and N-deposition, we validated that these predictor variables were 395 

relatively independent and so satisfy our assumption that this natural experiment reflects a 396 

quasi-factorial design. Indeed, we found no significant correlation between cumulative N-397 

deposition and changes in herbivory over time (β = 0.004, σ = 0.004). This allowed us to then 398 

test for interaction effects between the effects of changes in herbivory and N-deposition on 399 

our dependent variables: changes in species of conservation concern, non-native species, the 400 

CWM N-number (𝑒𝑖). We included the inter-census time period (𝑡𝑖), the site area (𝑠𝑖) and 401 

baseline herbivory (𝑏𝑖) to control for variation in the response that might be due to these 402 

factors, generating the following model: 403 

 404 𝑒𝑖  ~ 𝑁𝑜𝑟𝑚𝑎𝑙(𝜇𝑖 , 𝜎) 405 𝜇𝑖 ~ 𝛼 +  𝛽ℎℎ𝑖 ∗  𝛽𝑛𝑛𝑖 +  𝛽𝑡𝑡𝑖 +  𝛽𝑠𝑠𝑖 +  𝛽𝑏𝑏𝑖  406 

 407 

For all models we initially tested the effect of site productivity and tree cover as covariates 408 

(Table S26 and S27). However, we did not see a statistically clear effect of these covariates 409 

for any models except on herb cover. Because they were not considered a necessary site 410 

variable to account for study design (such as site area and intercensus time periods), and to 411 

reduce the risk of model overfitting (given that we have only 52 data points), we subsequently 412 

removed these covariates from our main analyses. 413 

 414 

 415 
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