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Abstract
Bioerosion on turbid inshore reefs is expected to increase with global climate change reducing reef stability and accretionary potential. Most studies
investigating bioerosion have focused on external grazers, such as parrot�sh and urchins, whose biomass is more easily measured. Yet, cryptic endolithic
bioeroders such as macroboring (worms, sponges and bivalves) and microboring taxa (fungus and algae) have the potential to be the dominant bioeroders,
especially among inshore reef systems exposed to increased nutrient supply. We measured bioerosion rates of three bioeroder groups (microborers,
macroborers, and grazers), and their response to environmental parameters (temperature, turbidity, light, chlorophyll a, salinity, pH) across two inshore reefs of
north Western Australia. Total bioerosion rates were low (0.152 ± 0.012 kg m-1 yr-1) compared to average global rates, but were comparable to other inshore
turbid reefs. Macroboring worms were the dominant source of bioerosion and displayed a signi�cant negative relationship with temperature (r2= 0.24,
P=0.008) and light (r2= 0.16, P=0.037). A global assessment of environmental in�uences on bioerosion further identi�ed chlorophyll-a as a signi�cant driver of
macroboring (r2= 0.60, P=<0.001). Low bioerosion rates among marginal inshore reefs is encouraging as these reefs may be able to maintain a positive
carbonate budget state despite lower coral cover and gross carbonate production rates. These data also highlight the necessity of reducing local impacts such
as nutrient loads, which drive increases in chlorophyll a, to support marginal reef systems with climate change. Further, the development of empirical
relationships that quantitatively link bioeroder activity and rates of environmental change will improve our ability to predict reef responses to environmental
change, and better manage reefs into the future.

Introduction
Globally, rates of bioerosion driven reef breakdown are likely to increase with climate change (Davidson et al. 2018; Cornwall et al. 2021). Bioerosion
processes include external grazing from taxa such as parrot�sh or urchins, as well as endolithic boring and chemical dissolution from “microborers” (fungus
or algae), and larger “macroborers” (sponges, worms, or bivalves; Hutchings 1986). As many of these boring organisms are heterotrophic, increases in
bioerosion have been shown to increase with eutrophication and warming waters (Chazottes et al. 2002; Le Grand and Fabricius 2011). Additionally, ocean
acidi�cation has been shown to in�uence bioerosion rates as acidic waters weaken the calcium carbonate framework, increasing its susceptibility to
bioeroding organisms (Schönberg et al. 2017). Inshore reefs are considered to be particularly vulnerable to increasing bioerosion rates as they are often
exposed to elevated nutrients and sediment runoff, and are situated in shallower, warmer waters (Prouty et al. 2017). As such, many inshore reefs are typically
considered to be “marginal”, living at the edge of their environmental limits (Browne et al. 2012; Loiola et al. 2019). Yet, these reef systems are likely to expand
their geographic range in coming years due to sea level rise inundating coast lines, changing weather patterns (e.g., increased rain fall and river runoff) and
continued modi�cation of coastal catchments (Zwei�er et al. 2021). As such, we need to better understand how these reef systems are and will be impacted
by potential increases in processes such as bioerosion that destabilise reef systems.

Increased rates of bioerosion will reduce the capacity of coral reefs to deliver key biological (habitat structure and diversity), economic (tourism, source of
protein, coastal protection), and social services (cultural signi�cance). The in�uence of bioerosion on reef function and long-term development can be
estimated using reef carbonate budgets. Carbonate budgets consider factors of reef accretion (primarily through the growth of scleractinian corals), and reef
erosion (bioerosion) to calculate an estimated rate of net reef accretion (Stearn and Sco�n 1977). If the rate of erosion outweighs the rate of accretion, the
reef is considered to be in a negative budgetary state and is assumed to be degrading in terms of coral health and structural complexity (Kennedy et al. 2013;
Perry et al. 2014; Januchowski-Hartley et al. 2017). This has carry on effects to other ecological reef functions such as loss of habitat and biological diversity
(Perry and Alvarez-Filip 2019). Therefore, accurately estimating the rate of bioerosion is critical for assessing long-term reef health and stability, particularly
given that drivers of bioerosion, particularly on inshore reefs, (e.g., eutrophication, warming oceans) are likely to increase in coming years.

Most bioerosion studies have focused on external bioeroders whose abundance is easily measured from snapshot in situ observations. This has resulted in
carbonate budget studies heavily skewed to external grazing rates driven by the abundance of parrot�sh and urchins along a transect (Browne et al., 2021).
Rates of bioerosion are then typically calculated based on offsite and/or historic relationships between these grazers, their size and bioerosion rates
established in the 1980s and 1990s (e.g., Bruggemann et al. 1994; Bellwood 1995). These snapshot observations may overestimate or underestimate species
abundance depending on season, recent local disturbance, as well as specimens �eeing the path of observing divers. Furthermore, rates of bioerosion
modelled at single locations in the 1980’s and 1990’s may not be applicable to all reef types and regions, not to mention how changing ocean conditions (i.e.,
pH, temperature, nutrients) may be in�uencing grazer bioerosion rates (Browne et al. 2021). For example, recent studies have shown that there may be
signi�cant spatial variation in parrot�sh bioerosion activities across an individual reef platform (Perry et al. 2017; Yarlett et al. 2020), and that grazing may be
more intense at speci�c times of the day, as well as between species (Yarlett et al. 2018). Grazing can also intensify as a result of increased endolithic
microborer and macroborer activity in response to environmental drivers (e.g., increased nutrients: Chazottes et al. 1995; Carreiro-Silva et al. 2009; Rice et al.
2020)(Chazottes et al. 1995; Carreiro-Silva et al. 2009; Rice et al. 2020). Rates of endolithic bioerosion are largely unknown as it is more di�cult to quantify
compared to grazing rates (Browne et al., 2021). These di�culties are largely because boring organisms are often small to microscopic, patchily distributed
(e.g., bivalves) and are cryptic in nature (e.g. sponges and polychaetes; Diaz and Rützler 2001; Pari et al. 2002; Hutchings 2008; Schönberg 2015). 

Traditionally endolithic bioerosion has been measured through two-dimensional (2D) image analysis of coral cross-sections. Originally, heads of live massive
Porites were removed from the reef and cut into cross-sections that were then X-rayed to determine the area of carbonate removed (Sammarco and Risk 1990;
Holmes et al. 2000). A less destructive method uses coral rubble, which is cut into cross-sections, and the volume of carbonate removed is determined using
image analysis software (Harney and Fletcher 2003; Mallela and Perry 2007; Browne et al. 2013). This method is, however, �awed as the age of coral rubble
cannot be con�dently estimated without carbon dating, which is an expensive practice when large amounts of rubble are required to produce a robust dataset.
Consequently, previous research has used either a known event (e.g. bleaching, cyclone) or the state of the coral rubble (e.g. <1 year if corallites intact and
limited algal growth; Browne et al. 2013) to time-stamp the death of the coral and its availability for bioerosion. A more accurate approach is to use pre-
weighed Porites skeleton blocks, which are deployed on to a reef (attached to the substrate) for 12 or more months (Davies and Hutchings 1983; Kiene and
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Hutchings 1994; Pari et al. 1998; Chazottes et al. 2002). This method is both less destructive (blocks are cut from cores) and is time-stamped. On removal
from the reef, the block can be weighed to determine the mass of carbonate removed over time, and cut into cross sections to measure volume and identify
boring organism (e.g., mollusc, serpulid worm). More recently, experimental Porites blocks have been scanned using micro computerized tomography
(microCT) before and after deployment (Beuck et al. 2007; Enochs et al. 2016; Silbiger et al. 2016). The high resolution scans obtained by microCT allow the
user to analyse total volume loss and relate a percentage volume loss to macro and microboring. These methods likely provide some of the best estimates of
endolithic bioerosion. However, they are both time consuming (several years) and expensive to conduct.

Environmental conditions are a key driver of bioerosion rates and could be used to develop proxies for estimating changes in endolithic bioerosion rates.
Furthermore, tracking changes in environmental parameters (e.g., light, temperature, pH etc.) is logistically easier and less labour intensive than current
methods used to estimate endolithic bioerosion rates. Of 31 studies reporting rates of endolithic bioerosion globally, only 7 included environmental data (Table
S1). Of the studies that did measure bioerosion rates with one or more environmental parameters, strong relationships between bioerosion rates and
environmental conditions such as eutrophication (Chazottes et al. 2002; Webb et al. 2017; Rice et al. 2020), ocean acidi�cation (DeCarlo et al. 2014; Enochs et
al. 2016), and temperature (Achlatis et al. 2017) were observed. However, there is a considerable lack of in situ data that have coupled bioerosion rates with
changing environmental conditions highlighting the need for studies that can provide data for the development of empirical relationships between key
environmental parameters and rates of endolithic bioerosion. 

The lack of endolithic bioerosion data and our poor understanding on how rates of bioerosion will alter with environmental change, limits our ability to
accurately quantify total bioerosion (external and endolithic) and assess how rates will change with future impacts at a local and global level. There are
currently no recorded rates of endolithic bioerosion from West Australian reefs, with an additional paucity in bioerosion data from marginal reef systems
globally. In this study we provide much needed endolithic bioerosion data for inshore north West Australia, with a comprehensive assessment of important
environmental variables (light, turbidity, temperature, water quality). We also collect data on grazing pressure (�sh and urchin abundance) to demonstrate that
endolithic bioerosion is the primary loss of biological carbonate material from these reef systems. Further, to improve our knowledge of how environmental
conditions in�uences internal bioerosion rates, we assessed all studies that incorporated data on both endolithic bioerosion of coral substrate and
environmental parameters. In doing so, we aim to �ll an important knowledge gap and promote the development of future environmental proxies that could be
used to estimate changes in bioerosion rates over time using fewer resources and site speci�c data to improve the accuracy of these estimates.

Materials And Methods
Site information

The Pilbara coast of north Western Australia hosts a number of well-developed inshore reef systems that are subject to frequent turbidity events due to large
tidal ranges and the occasional storm surge (McIlwain 2002; Baird et al. 2011; Ridgway et al. 2016; Moustaka et al. 2018). This study was carried out at four
sites on each of two inshore island reefs (Eva and Fly) located in Exmouth Gulf, which is situated at the southern end of the Pilbara coast (Fig. 1). Eva reef
(-21.918454°, 114.433502°) and Fly reef (-21.804829°, 114.554003°) have similar fringing reef morphology, coral cover (max cover = 63% , average cover = 8-
10%), diversity (Shannon-Weiner index 0.73 and 0.76, respectively) and wave exposures (high exposure at northern reef sites, with little wave energy
experienced at southern sites; Cuttler et al. 2020; Dee et al. 2020). At each reef, sites included two northern wave exposed locations and two southern sheltered
lagoon locations (Fig 1). Sites were referred to as being inshore or offshore in relation to the central island, though there was no major habitat variation
between inshore and offshore sites (Dee et al. 2020). 

Environmental Variables 

The study was conducted from April 2019 to May 2020. Temperature loggers (oC; Hobo Pendant UA-001-64) and photosynthetic active radiation (PAR) loggers
(µmol photons m–2 s–1; Odyssey submersible PAR logger) were deployed at each site with logging intervals of 60 minutes for benthic temperature and 10
minutes for PAR loggers. Water quality variables of chlorophyll-a (μg L-1 ), salinity, pH and turbidity (FNU) were measured in situ monthly during neap tides at
one site per reef (see Dee et al. 2021). Sampling was undertaken using a vertical pro�ling method with a multi-parameter EXO Sonde 2 (YSI Inc./Xylem Inc.;
details of testing methods outlined in Dee et al. 2021). Habitat data at each site was gathered by line intercept transects (20 m) and image analysis using
Coral Point Count with excel extension (CPCe ref; see details of habitat analysis in Dee et al. 2020)

Porites blocks

At each site, four blocks were deployed in early April 2019 and retrieved in mid-June 2020 (total number of blocks = 32). Each block (5x2x1 cm; average
density = 1.56 g cm3) was obtained from cores of Porites lutea collected from the South Cay of Willis Island within the Coral Sea. Although cores were not
collected at the study site, Porites lutea is the dominant massive coral at Eva and Fly reefs. Blocks were individually weighed and attached to PVC plates
(8x2x0.4 cm) with marine epoxy before being imaged using microCT at the NIF Bioimaging Facility located at the Centre for Microscopy, Characterisation and
Analysis at the University of Western Australia, Perth, Australia. MicroCT scans were undertaken with a SkyScan 1176 microCT (Bruker-microCT, Kontich,
Belgium) at 90 kV and 273 µA. Initial and post deployment scans were run at 35 µm resolution with a 0.1 mm Cu �lter. Scans were reconstructed into image
stacks using Bruker NRecon software using a modi�ed Feldkamp cone-bream algorithm with ring artifact reduction of 20 and beam hardening of 20%. Pre
and post deployment scans were directly compared through three-dimensional registration of the two data sets with Skyscan Data-Viewer software using the
pseudo-3D registration strategy. From here we generated a bitmap“difference” image stack from the overlapped data sets, where eroded mass appeared white
(bitmap value = 255), accretion appeared black (bitmap value = 0), and constant mass was grey. Three-dimensional analysis of this dataset in CTAn (version
1.18) allowed erosion to be measured by applying a threshold to isolate the white (bioeroded) regions. After the entire block was processed, a region of interest
(ROI) was drawn for the interior area, excluding approximately 1 mm outer edge, to measure macroboring. This 1 mm exclusion was applied to measure
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microboring following evidence of microborers among inshore reefs of the Great Barrier Reef (Low Isles and Snapper Island), and other Indo-Paci�c sites,
boring to average depths of 1mm over a 1-year period (Chazottes et al. 1995; Tribollet 2008; Tribollet et al. 2010). ROIs were also placed around obvious areas
of scraping to measure external grazing. Rates of bioerosion (kg m-2 yr-1) for each P.lutea block by grazers, microborers, and macroborers were measured as:

   

Where Voli is the volume of carbonate loss in the region of interest (areas of external grazing, internal and remaining outer 1mm), Di is the density of the
individual block of P.lutea, SAi is the surface area of the individual block, and time is the number of years the block was exposed (number of
days/365; DeCarlo et al. 2014; Silbiger et al. 2016). Identi�cation of macroborers were based on the characteristics of their borings following descriptions by
Sammarco and Risk (1990).

Fish and urchin abundance 

To further assess potential grazing pressures that may not be captured by experimental blocks, abundance data was gathered for bioeroding �sh and urchins.
Diver-operated stereo-video (DOV) was used to collect data on �sh abundance across Eva reef, to identify grazing species present and estimate �sh biomass.
Four 50 m transects separated by 10 m were carried out by a SCUBA buddy pair at �ve sites (Fig 1). Transects were kept linear and to a consistent depth
pro�le (mean depth across all sites= 3.3 m). The DOV system used two Sony ActionCams (FDR-X3000) mounted on either side of the base, approximately 800
mm apart, which were calibrated prior to �eldwork (for more information on the DOV system setup and its applications, see Goetze et al. (2019). Video footage
was analysed using the computer software EventMeasure (www.seagis.com.au), which allows for accurate abundance and length measurements with a pre-
populated species list (Goetze et al. 2019). All �sh observed were measured to fork length and identi�ed to their lowest possible taxonomic resolution. Count
data was used where length measurements were not possible (i.e., due to limited visibility or obstruction of view). To ensure accurate identi�cation and length
measurements, values were excluded if their residual mean square (RMS) error exceeded 20 mm, and if measurement to length ratio precisions exceeded 10%.
All measurements farther than 7 m from the DOV and outside of the 5 m wide belt transect were also excluded (Goetze et al. 2019). Biomass was calculated
using �sh fork length as a proxy for weight, in the equation:

 

where a is the relevant slope of a given species (Karakulak et al. 2006). Slopes at the family and genus level were used cautiously for species without
published slope data, and for �sh that were not identi�ed to species level. Slope values and �sh feeding guilds were derived from the FishBase website
(https://www.�shbase.se/search.php) and relevant published literature (Schramm et al. 2021). DOV’s were not carried out across Fly reef due to limited days
in the �eld, but as there is no signi�cant variation in habitat types between Eva and Fly reef (Dee et al. 2020), and similar abundances have been witnessed at
Fly reef previously (Pers. Obs.), we are con�dent that the abundance and biomass of grazing �sh would be similar to that of Eva reef. Bioerosion rates for �sh
were determined using the “Indo-Paci�c” data spreadsheet available from the Reef Budget website (https://geography.exeter.ac.uk/reefbudget/indopaci�c/;
Perry et al. 2012). Urchin abundance estimates were conducted along each line transects at Eva and Fly reef. There were negligible amounts of urchins found
across both reefs (<5 individuals per reef) and so they were excluded from analysis. 

Statistical analysis

Prior to undertaking analysis, data were log10(x+1) transformed to meet assumptions of normality and equality of variance. We used linear regression to
determine if the density of experimental blocks had in�uenced total bioerosion rates, but found no signi�cant in�uence (r2 = 0.540, F 7,27 =2.479, P = 0.108).
A one-way analysis of variance (ANOVA) was run to investigate if there was a signi�cant difference in bioerosion rates between the three functional groups of
bioeroders on the experimental substrate (grazers, macroborers and microborers), with a Tukey HSD (Honestly Signi�cant Difference) post hoc test adopted to
identify any source of variance. Two-way ANOVAs were run to test for spatial variation in bioerosion rates of each functional group at reef and site level, as
well as to identify any interaction between reef and site. Principal Component Analysis (PCA) was used to identify spatial differences in key environmental
variables associated with reefs and sites, and linear regression was used to investigate relationships between bioeroder functional groups and environmental
parameters measured at Eva and Fly during periods of block deployment. 

Global endolithic bioerosion assessment 

We found 31 studies that measured in situ endolithic bioerosion from around the globe, which were used to investigate relationships between environmental
variables and bioerosion rates. These studies were discovered during an extensive literature search for studies on bioerosion, or that included bioerosion in
ecological assessments (i.e., carbonate budget studies). We noted the region of each study, methods undertaken, experimental substrate used, reef type, what
(if any) environmental parameters recorded, and bioerosion rates measured (micro, macro, and grazing; Table S1). To quantitatively investigate relationships
between bioerosion rates and environmental drivers using linear regression, we used seven macro-boring bioerosion studies that used coral (most often
Porites sp.) as the experimental substrate and recorded at least one environmental parameter. There were additional studies that included environmental data
with microboring rates (3 studies), or solely focused on sponge bioerosion rates (3 studies), but these were excluded due to limited data available (Table S1). 

Results
Rates of bioerosion on Porites blocks
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Rates of carbonate removal varied signi�cantly between the three bioeroder functional groups (Fig. 3; F (1,82) =19.03, P=<0.001; Table 2). Macroboring was
responsible for the greatest amount of bioerosion (average = 0.0837 ± 0.008 kg m-2 yr-1) and grazing the least (average = 0.0241 ± 0.033 kg m-2 yr-1). Average
macroboring rates were higher at Fly reef than at Eva reef (F (1,24) = 9.187, P=0.006; Table 2). There were also signi�cant differences among sites (F (1,24) =
12.66, P=0.002; Table 2) with FSO experiencing highest levels of macroboring, and ENI, ESI and FNI experiencing the least (Fig. 3). In contrast, rates of
microboring was signi�cantly greater at Eva reef (F (1,24) = 5.633, P=0.026), although a signi�cant interaction effect between reefs and sites con�rmed that
the spatial difference at reef level was largely driven by greater micro-boring activity at Eva’s southern sites only (ESO, ESI; Fig. 3). External grazing measured
on experimental blocks was typically low, and so no signi�cant variation was detected across reefs, though higher rates of grazing at FNI saw close to
signi�cant variation among sites (F (1,24) = 4.232, P=0.051; Table 2). 

All blocks showed presence of polychaete and sipunculans borings (Table 3). The highest number of sipunculans borings were seen at sites ESO (average 5.5
± 0.5 borings per block), FSO (average 3 ± 1 borings), and FSI (average 2.5  ± 1.0 borings). There was no evidence of bivalve or sponge boring (Table 3). 

Table 1. Average substrate (% cover) dominated by coral, macroalgae (MA), tur�ng algae (TA- mostly on dead coral), and sand (Dee et al., 2020). Mean annual
environmental variables measured monthly throughout 2019/2020 at Fly and Eva reefs, and average µCT (microboring, macroboring, grazing and total) and
rubble bioerosion rates (kg m-2 yr-1) measured for each site.    

Substrate cover (%) Environment Bioerosion rates (k

Reef Site Depth
(m)

Coral MA TA Sand Light
(PAR)

Temperature
(°C)

Chlorophyll
(µg L-1))

pH Turbidity
(FNU)

Salinity microCT
micro

microC
macro

Eva ENI 3.1 9.51 56.44 19.02 13.50 311.17
(±73.15)

27.15
(±0.80)

0.38
(±0.05)

8.18
(±0.01)

1.48
(±0.33)

38.16
(±0.42)

0.032
(±0.008)

0.058
(±0.00

Eva ENO 3.5 65.35 0.00 13.52 5.07 142.04
(±59.90)

27.15
(±0.80)

0.38
(±0.05)

8.18
(±0.01)

1.48
(±0.33)

38.16
(±0.42)

0.034
(±0.012)

0.097
(±0.02

Eva ESI 2.7 2.06 62.06 3.82 19.41 311.17
(±73.15)

26.90
(±0.86)

0.38
(±0.05)

8.18
(±0.01)

1.48
(±0.33)

38.16
(±0.42)

0.067
(±0.006)

0.062
(±0.00

Eva ESO 3.6 1.19 71.85 5.12 7.77 142.04
(±59.90)

26.90
(±0.86)

0.38
(±0.05)

8.18
(±0.01)

1.48
(±0.33)

38.16
(±0.42)

0.068
(±0.020)

0.114
(±0.00

Fly FNI 4.5 29.12 0.00 34.71 20.29 106.62
(±36.10)

27.20
(±0.89)

0.49
(±0.06)

8.19
(±0.03)

2.27
(±0.36)

38.34
(±0.46)

0.047
(±0.009)

0.059
(±0.00

Fly FNO 4.0 6.24 29.46 32.10 7.07 106.62
(±36.10)

27.20
(±0.89)

0.49
(±0.06)

8.19
(±0.03)

2.27
(±0.36)

38.34
(±0.46)

0.035
(±0.005)

0.089
(±0.01

Fly FSI 3.0 1.06 35.98 4.76 35.71 127.08
(±65.53)

27.32
(±0.89)

0.49
(±0.06)

8.19
(±0.03)

2.27
(±0.36)

38.34
(±0.46)

0.041
(±0.004)

0.103
(±0.02

Fly FSO 3.1 0.00 67.58 1.21 21.06 127.08
(±65.53)

27.32
(±0.89)

0.49
(±0.06)

8.19
(±0.03)

2.27
(±0.36)

38.34
(±0.46)

0.046
(±0.007)

0.098
(±0.02

 

Table 2. a) One-way analysis of variance (ANOVA) comparing rates of bioerosion between microboring, macroboring, and external grazing. b) Two-way
ANOVA of rates of microboring, macroboring, and grazing of coral blocks at levels site and reef
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  df MS F value p value

a)

 

Functional group

1 2.348 19.03 <0.001

b)

 

Microboring

       

Site 1 0.0247 0.897 0.353

Reef 1 0.155 5.633 0.026

Site: reef 1 0.146 5.301 0.030

Residuals 24 0.0275    

Macroboring        

Site 1 0.219 12.663 0.002

Reef 1 0.159 9.187 0.006

Site: reef 1 0.063 3.654 0.068

Residuals 24 0.017    

Grazing         

Site 1 0.511 4.232 0.051

Reef 1 0.007 0.062 0.806

Site: reef 1 0.132 1.093 0.306

Residuals  24 0.121    

 

Table 3) Average number of borings or presence/absence of macroboring taxa within experimental Porites blocks at each site

  Macroborer

Site Polychaete Sipunculan Sponge Bivalve

ENI 1.50 (±0.65) 0.75 (±0.25) None None

ENO 2.00 (±0.41) 0.25 (±0.25) None None

ESI 2.00 (±0.71) 0.75 (±0.25) None None

ESO 3.00 (±1.00) 5.50 (±0.50) None None

FNI 2.00 (±0.71) 0.25 (±0.25) None None

FNO 3.75 (±0.85) 1.50 (±0.65) None None

FSI 3.75 (±0.75) 2.50 (±1.04) None None

FSO 2.50 (±0.50) 3.00 (±1.00) None None

Fish abundance and erosion rates

DOV data showed low abundance of herbivorous �sh species across Eva (compared to neighbouring Ningaloo reef; see discussion), with the only parrot�sh
species (Scarus ghobbin) showing particularly low numbers (average 2.6 ± 0.75 per 1000 m2; Fig. 4). Estimates of Scarus ghobbin biomass and bioerosion
rates (kg m-2 yr-1) for each DOV site were calculated using the Reef Budget data sheet for the Indo-Paci�c. Average biomass was 15.53 ± 7.33 kg per 1000
m2 resulting in an estimated average bioerosion rate of 0.059 ± 0.030 kg m-2 yr-1. This is more than double the average grazing rate recorded by blocks at Eva
(0.016 ± 0.003 kg m-2 yr-1).

Environmental relationships in Exmouth Gulf 

PCA plots showed environmental disparity between Eva and Fly reefs. Fly was characterised by higher levels of chlorophyll a (Fly mean = 0.49 ± 0.06 µg L-1;
Eva mean = 0.38 ± 0.05 µg L-1), turbidity (Fly mean = 2.27 ± 0.36 FNU; Eva mean = 1.48 ± 0.33 FNU), and pH (Fly mean = 8.19 ± 0.03; Eva mean = 8.18 ± 0.01),
while Eva recorded higher light levels (Fly mean = 177.52 ± 1.73 µmol photons m–2 s–1; Eva mean = 228.06 ± 2.38 µmol photons m–2 s–1) (Fig.5a). 
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Linear regression of bioerosion rates from microborers, macroborers and grazers with environmental variables measured across Eva and Fly reef found that
spatial differences in macroboring were signi�cantly driven by temperature and light (Table 4). Speci�cally, as temperature and light levels increased, rates of
macroboring decreased accounting for 24% and 16% of the spatial variation, respectively (Fig 5b, c; Table 4). Further, we also saw a signi�cant negative
in�uence of temperature on total bioerosion likely due to the fact that macroboring was the dominant bioeroding agent and would hence be driving this
relationship. 

Table 4. Linear regression results for relationships between bioerosion functional groups (macroboring, microboring and grazing) and yearly average
environmental variables (temperature, chlorophyll-a, pH, turbidity, light, and salinity) measured within this study 

Variable Estimate S.E. T value df r2 F value P value

Microboring              

Temperature -0.148 0.101 -1.470 26 0.077 2.160 0.154

Chlorophyll -0.011 0.052 -0.209 26 0.002 0.044 0.836

pH -0.004 0.021 -0.209 26 0.002 0.044 0.836

Turbidity -0.097 0.465 -0.209 26 0.002 0.044 0.836

Light 42.670 81.910 0.521 26 0.010 0.271 0.605

Salinity  -0.003 0.016 -0.209 26 0.002 0.044 0.836

Macroboring              

Temperature -0.280 0.098 -2.852 26 0.2383 8.135 0.008

Chlorophyll 0.072 0.054 1.330 26 0.064 1.768 0.195

pH 0.029 0.022 1.33 26 0.064 1.768 0.195

Turbidity 0.642 0.483 1.330 26 0.064 1.768 0.195

Light -178.620 81.000 -2.205 26 0.157 4.863 0.037

Salinity  0.022 0.016 1.330 26 0.064 1.768 0.195

Grazing              

Temperature -0.051 0.054 -0.935 26 0.033 0.874 0.358

Chlorophyll 0.044 0.026 1.701 26 0.100 2.893 0.101

pH 0.018 0.010 1.701 26 0.100 2.893 0.101

Turbidity 0.396 0.233 1.701 26 0.100 2.893 0.101

Light -60.080 41.790 -1.438 26 0.074 2.068 0.162

Salinity  0.013 0.008 1.701 26 0.100 2.893 0.101

Total bioerosion              

Temperature -0.616 0.292 -2.108 26 0.146 4.444 0.045

Chlorophyll 0.079 0.061 1.297 26 0.061 1.722 0.206

pH 0.032 0.024 1.297 26 0.061 1.722 0.206

Turbidity 0.707 0.545 1.297 26 0.061 1.722 0.206

Light -144.870 95.320 -1.52 26 0.082 2.174 0.141

Salinity  0.024 0.018 1.297 26 0.061 1.722 0.206

Global environmental relationships 

Simple linear regression of log10 (x+1) transformed macroboring rates and environmental variables from global in situ studies found that the strongest
environmental in�uence on macro-boring was from chlorophyll-a, which explaining 60% of the variation in boring rates (r2=0.60, F 1,14 = 21.22, P= <0.001;
Table 5). Although, these data were based off only two studies (Kenya - Carreiro-Silva and McClanahan 2012; Pilbara - this study), data was recorded across a
range of settings (naturally turbid, marine protected areas, heavily �shed reefs and polluted reefs). In addition, the range of chlorophyll-a recorded across sites
was representative ranging from 0.21 to 0.49 µg L-1. These data suggest that as chlorophyll-a levels increase by 1 µg L-1, macroboring rates increase by 0.269
kg m-2 yr-1 (Fig 6). Additionally, temperature had a signi�cant relationship with macroboring rates (r2 = 0.25, F 1,25 = 8.522, P=0.007; Table 5). This regression
used data from �ve studies (Kenya - Carreiro-Silva and McClanahan 2012; Hawaii - Silbiger et al. 2014; Prouty et al. 2017; GBR - Wisshak et al. 2012; Pilbara -
this study), with temperature ranging from 20.0 to 29.7°C. As temperature increased by 1°C, rates of macroboring decreased by 0.008 kg m-2 yr-1. 

Table 5. Linear regression of log10[x+1] transformed macroboring rates and environmental parameters measured in global endolithic bioerosion studies 



Page 8/17

Enviro. variable Estimate S.E. T value df r2 F P value No. of studies Range of values 

Temperature -0.057 0.018 -2.919 25 0.254 8.522 0.007 5 20.0 - 29.7

Ammonia -0.259 0.801 -0.323 21 0.004 0.104 0.750 4 0.23 - 2.58

Nitrates 0.054 0.063 0.851 32 0.022 0.724 0.401 5 0.1 - 1.1

Phosphates -0.119 0.103 -1.157 26 0.049 1.338 0.258 5 0.05 - 0.73

Chlorophyll 2.657 0.577 4.607 14 0.603 21.22 <0.001 2 0.29 - 0.49

pH -0.032 0.185 -0.173 22 0.001 0.030 0.865 4 7.5 - 8.2

Turbidity -1.700 1.004 -1.693 6 0.323 2.867 0.141 1 1.33 - 2.22

Salinity 1.604 1.337 1.200 19 0.070 1.441 0.245 3 27.3 - 38.3

Aragonite saturation -0.492 0.265 -1.860 16 0.178 3.461 0.081 3 1.6 - 3.7

 

Discussion
Total average bioerosion rates across Eva and Fly reefs was 0.152 ±0.012 kg m-2 yr-1, with macroboring being the dominant agent of bioerosion (average =
0.084 ± 0.008 kg m-2 yr-1). This is below typical average macroboring rates for reefs globally (0.314 ± 0.333 kg m-2 yr-1: Lange et al. 2020). However, these
rates are comparable to some studies at similar reef sites, and studies that assessed macroboring through the use of microCT with experimental Porites
blocks. For example, Tribollet and Golubic (2005) assessed rates of bioerosion at two inshore island reefs (Snapper Island and Low Isles) of the Great Barrier
Reef (GBR) using 2D image analysis of experimental Porites blocks. These sites have similar fringing reef structure and turbidity levels to Eva and Fly and
recorded total bioerosion rates of 0.27 kg m-2 yr-1 at Snapper Island and 0.18 kg m-2 yr-1 at Low Isles (0.13 and 0.01 kg m2 yr1 due to macroboring,
respectively). Silbiger et al. (2015, 2016, 2017) used microCT of experimental Porites sp. blocks and also found similar endolithic bioerosion rates ranging
between 0.072 and 0.15 kg m-2 yr-1 at sites in Hawai’i. Further, Enochs et al. (2016) employed microCT with blocks of Porites sp. and recorded rates ranging
from 0.026 to 0.13 kg m-2 yr-1 in Papua New Guinea. Global averages in bioerosion rates may be in�ated by measures reported in older studies due to less
accurate methodologies, or due to a shift in dominant bioeroding taxa populations over time. For example, early work on bioerosion in the Caribbean reported
macroboring rates of 0.443 kg m-2 yr-1 (Rutzler 1975; Lange et al. 2020). This is a magnitude higher than average macroboring rates gathered for the
Caribbean in the past decade (~0.062 kg m-2 yr-1; Perry et al. 2014; Murphy et al. 2016), and is expected to be due to a signi�cant decline in bioeroding taxa as
result of a rapid decline in coral cover and structural complexity. More so than macroboring, grazing pressure on Caribbean reefs has also declined as these
previously complex reef systems continue to shift to less complex macroalgae dominated systems, similar to that of Eva and Fly reefs.     

Low grazing rates are typical of turbid inshore reefs characterised by low populations of parrot�sh and urchins. As such, Eva and Fly reefs recorded low rates
of external erosion on experimental blocks (average = 0.016 kg m-2 yr-1 at Eva and 0.031 kg m-2 yr-1 at Fly) compared to clear water reefs (e.g., up to 4.31 ±
0.43 kg m-2 yr-1 at Reunion Island, Indian Ocean: Chazottes et al. 2002). Here we relate the external erosion observed on the blocks to be due to herbivorous
�sh, such as parrot�sh, given that the blocks were not accessible to urchins. Additionally, we acknowledge that we cannot be sure that all external erosion
measured on experimental blocks was due to �sh grazing, Although we observed distinct scrapings on the block surface, some external erosion may be the
result of physical erosion. Across Eva reef herbivorous �sh had a low mean abundance of <10 per 1000 m2, with the only grazer species recorded being Scarus
ghobbin with a mean biomass of 15.53 ± 7.33  kg per 1000 m2 and estimated average bioerosion rate of 0.059 ± 0.030  kg m2 yr-1. This estimate is almost
four times the average rate of external erosion captured on experimental blocks (0.016 ± 0.003  kg m-2 yr-1). This variation displays the uncertainty of
capturing grazing with small experimental units, especially in algae dominated settings where herbivorous grazers have an abundance of food across the reef
substrate. 

Previously, the only research into bioerosion (external and internal) from north Western Australia has been from Ningaloo Reef where studies focused on
external grazing of parrot�sh and urchins using snapshot abundance data combined with offsite grazing rates from previous GBR studies (Bellwood 1995;
Bonaldo and Bellwood 2009). Across Ningaloo, estimates of parrot�sh (Chlorurus microrhinos and Chlorurus sordidus) erosion ranged from 1.18 kg m-2 yr-1 to
2.30 kg m-2 yr-1 (Johansson et al. 2010). Additionally, Johansson et al. (2010) found that urchin grazing rates (Diadema sp. and Echinometra mathaei) at
Ningaloo ranged from 0.00 to 0.55 kg m-2 yr-1 with a later study by Langdon et al. (2013) suggesting that rates were as high as 1.00 - 4.50 kg m-2 yr-1.
Although the grazing rates we have recorded for Eva and Fly reefs are a magnitude lower than that recorded at Ningaloo, they are comparable to similar
inshore sites of the GBR that employed the use of experimental substrates (<0.01-0.02 kg m-2 yr-1 at Snapper Island and <0.01-0.06 kg m-2 yr-1 at Low Isles;
Osorno et al. 2005; Tribollet and Golubic 2005). Furthermore, there is also the potential for over-estimation of grazing bioerosion rates based purely on a
snapshot measure of taxa abundance and biomass (see Perry et al. 2017 and Yarlett et al. 2020 for further discussion). With such low grazing rates, the
relatively low bioerosion rates on these marginal inshore reefs is the result of endolithic borers. This suggests that even with lower coral cover and
consequently low gross carbonate production rates, these marginal reefs may display stable rates of framework accretion.

Within this study, the majority of bioerosion measures across Eva and Fly reefs were from macroboring polychaete and sipunculan worms. Given that previous
studies have suggested that the substrate should be exposed for a minimum of three years to allow for full borer succession (Kiene and Hutchings 1994), the
lack of macroborer diversity may be due to the short (1 year) deployment of the experimental blocks. Bioeroder successions patterns are variable over time
(Chazottes et al. 1995; Osorno et al. 2005; Tribollet and Golubic 2005; Carreiro-Silva and McClanahan 2012), as well as over small spatial scales (Davies and
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Hutchings 1983; Sammarco and Risk 1990; Kiene and Hutchings 1994; Hutchings and Peyrot-Clausade 2002), likely due to both variable biotic (e.g.,
reproduction) and abiotic factors (e.g., substrate density, environmental variables). Typically, within Australia, microborers inhabit dead coral substrate rapidly,
followed by short lived polychaete species such as Polydora (Spionidae) and Fabriciniids (Sabellidae) (Hutchings 2011). Within two to six months
sipunculans bore into cracks made in the substrate by polychaetes (Hutchings 2011). Kiene and Hutchings (1994) suggest that it is not until three years of
exposure that bivalves and sponges populate available substrate. However, Tribollet and Golubic (2005) recorded macroboring of sponges and bivalves in
experimental substrate that had been deployed in situ for 1 year at multiple sites across the GBR. Additionally, Wizemann et al. (2018) recorded bivalves in
substrate after two months of exposure at reefs off Costa Rica. These more recent studies demonstrate that one year of substrate exposure may be adequate
to detect other boring organisms. Furthermore, low coverage of sponges across both Eva and Fly reef substrate have been observed (average 0.42%; Dee et al.,
2020) suggesting that sponge borings may not be observed here even after three years of exposure. Therefore, endolithic boring rates recorded here are
potentially representative of long-term bioerosion, although these rates could �uctuate with environmental change.

Across Eva and Fly reefs, we saw spatial variation in microboring and macroboring activities with greater microboring rates at Eva reef and greater
macroboring rates measured at Fly Reef. Eva Reef was characterised by higher light levels whereas Fly Reef had greater chlorophyll-a. These spatial
differences in micro and macroboring at each reef suggests that these groups of bioeroders may be driven by different environmental conditions particularly
given that the habitat between reefs is comparable. Linear regression further found that macroboring was negatively correlated with both temperature (r2=0.24
P=0.008) and light (r2=0.16 P=0.037). The negative effects of temperature on macroboring are potentially due to temperature anomalies (up to 3.6°C)
recorded during the summer months, which may have caused thermal stress and decreased the activity of macroboring taxa. We offer two theories for the
negative relationship found between macroboring and light; �rstly, Hutchings et al. (2005) suggest that sedimentation at inshore reef sites may inhibit the
settlement and development of epilithic and endolithic algae, which limits grazing, and in turn facilitates recruitment of macroboring taxa. Secondly, sites with
lower light levels may be associated with higher levels of chlorophyll-a and other nutrients that are predated on by �lter feeding macroborers (Le Grand and
Fabricius 2011), increasing their abundance and activity. The lack of a relationship between chlorophyll-a and macroboring is likely due to the fact that
chlorophyll-a data (as well as turbidity, salinity, pH) were collected at a lower spatial (one site) and temporal (monthly) resolution. Given that macroborers were
signi�cantly correlated with light and temperature collected at a high spatial and temporal resolution, we suggest that future studies attempt to collect all
environmental data at this resolution as a means of further developing environmental proxies for estimating changes in bioerosion rates over time. The latter
likely also applies to microboring given that we did see signi�cant spatial differences between reefs and sites. 

An assessment of 31 global studies found that both temperature and chlorophyll-a were signi�cantly in�uencing macroboring rates. Speci�cally, as
temperature increased by 1°C macroboring decreased by 0.008 kg m-2yr-1. This relationship is somewhat surprising as temperature increases usually lead to
an increase in metabolism, and therefore activity. Regionally it is expected that warm-water bioeroding taxa such as urchins and bivalves will increase in
abundance, intensifying bioerosion in areas experiencing warming (Schiel et al. 2014). However, it is also predicted that higher ocean temperatures will
ultimately lead to stressful conditions and depressed activity and survival of bioeroding taxa, as displayed in bioeroding sponges (Achlatis et al. 2017;
Davidson et al. 2018). As studies in our analysis recorded temperatures up to almost 30°C (including our study with <3.6oC temperature anomoly), we may
have captured the turning point from increased activity to depressed activity with increasing temperature, as observed in this study. However, given the
physiological tolerance to temperature will vary between taxa and regions, there is a need for more controlled empirical studies on the in�uence of temperature
before general predictions can be made. In contrast, chlorophyll-a had a positive in�uence on on macroboring globally, with in an increase of chlorophyll-a by
1 ug L-1 increasing the rate of macroboring by 0.269 kg m-2yr-1. This relationship has been recorded in multiple studies. For example, Carreiro-Silva and
McClanahan (2012) found that macroboring activities were positively correlated to chlorophyll-a concentrations. While Le Grand and Fabricius
(2011) recorded bioeroder densities increased 650-fold per additional 1 ug L-1 of chlorophyll-a. Furthermore, given the scale of increase in macro-boring per
unit of environmental change, these analysis suggest that chlorophyll-a has a considerably larger in�uence on macro-boring rates than temperature.
Interestingly, no signi�cant correlation was recorded between macroboring and nutrients such as nitrates and phosphates, which have previously shown to
in�uence bioerosion rates (Chazottes et al. 2002; Webb et al. 2017; Rice et al. 2020).

We found no signi�cant in�uence of pH or aragonite saturation on macroboring within our study, or from global assessments. The range in pH values across
studies involved in global analysis were 7.5 - 8.2 which represents a similar range to that measured in most individual studies. Multiple studies have shown
that ocean acidi�cation can increase bioeroder activity through weaking carbonate framework density and, on a broader scale, through increasing coral
mortality (DeCarlo et al. 2014; Silbiger et al. 2014; Enochs et al. 2016; Schönberg et al. 2017; Webb et al. 2017). DeCarlo et al. (2014) further demonstrated that
ocean acidi�cation can lead to increased macroboring rates, with these impacts being signi�cantly increased under high-nutrient conditions. This �nding
demonstrates that it is likely a combination of environmental factors (especially in marginal environments) that is driving bioerosion rates. We aimed to
assess relationships between bioerosion and interacting environmental factors but found there is currently not enough environmental data to run a robust and
comprehensive global analysis. As data increases, multivariate analysis and modelling will be an important future research direction to increase our
understanding of how environmental interactions are in�uencing bioeroding functional groups across regions.  

Within this study, we provide the �rst rates of endolithic bioerosion for marginal reef systems in Western Australia, where data for both Western Australia and
marginal reefs are severely lacking. We found lower than expected rates of bioerosion compared to average global rates, yet rates were comparable to other
studies on inshore turbid reefs of the GBR, and studies adopting microCT analysis. Macroborers were the dominant drivers of bioerosion at Eva and Fly reefs
and were also more sensitive to environmental change than microborers or grazers. Further, this study provides empirical relationships between key
environmental parameters of temperature and chlorophyll-a with macroboring that can be used to track changes in endolithic bioerosion overtime with
changing environmental conditions. Lower rates of bioerosion across marginal inshore reefs is encouraging as these reefs may maintain a positive carbonate
budgets despite lower carbonate production rates. However, as our �ndings showed global macroboring rates were signi�cantly in�uenced by chlorophyll-a,
the control of nutrient loads may be more important to the survival of inshore reefs than temperature. With changing climates and increasing anthropogenic
pressures, the importance of understanding relationships between environmental parameters and ecosystem processes (i.e., bioerosion) has increased
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exponentially. As we were only able to �nd seven studies that reported environmental data coupled with bioerosion rates, it is apparent that this is an
important knowledge gap. Therefore, an increase in data for the development of empirical relationships between bioerosion activities and environmental
parameters, will allow for high resolution (site speci�c) environmental data to act as reliable and rapid proxies of bioerosion rates and facilitate the
development of ecological models that aim to  predict reef carbonate loss and net reef accretion.  
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Figures

Figure 1

The West Australian coast shown in grey with a zoomed satellite image of Exmouth Gulf (a), highlighting the area around Eva and Fly island reefs (b). Panel
(c) shows one of two limestone blocks deployed at each of eight study sites, with the two bioerosion blocks on top. Study sites are shown by black circles
across Eva and Fly reefs in panel (d) on the right. The eight sites within this study were Eva south offshore (ESO), Eva south inshore (ESI), Eva north inshore
(ENI), Eva north offshore (ENO), Fly south offshore (FSO), Fly south inshore (FSI), Fly north inshore (FNI), and Fly north offshore (FNI). Five 50 m long diver
operated video (DOV) surveys were conducted around sections of Eva Reef to estimate the abundance and biomass of grazing �sh. DOVs were conducted at
ENI, ESO, ENO (x2), and the western zone.
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Figure 2

Experimental block of Porites lutea before and after 12 months of deployment, along with micro computerized tomography (µCT) scan of the block post
deployment. Varying sources of bioerosion displayed on the µCT image include grazing (orange), microboring (yellow), and macroboring by polychaetes and
sipunculans (red).
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Figure 3

Comparative rates (kg m-2 yr-1) of grazing, macro and micro bioerosion to total bioerosion rates measured across sites using micro computerized tomography
(µCT)
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Figure 4

a) Mean abundance and b) biomass of �sh feeding groups recorded by diver operated video (DOV) at �ve sites across Eva reef. c) average abundance of each
herbivorous �sh genus recorded. d) estimated biomass of grazing herbivore Scarus ghobbin across �ve DOV transects and the estimated bioerosion rate (kg
m-2 yr-1) calculated using the Reef Budget data sheet for the Indo-Paci�c (available at https://geography.exeter.ac.uk/reefbudget/indopaci�c/)

Figure 5

a) PCA plot of annual mean environmental parameters across Eva and Fly reefs, b) linear regression of mean temperature with macroboring and total
bioerosion rates across all sites, c) linear regression of macroboring rates and mean light levels across all sites



Page 17/17

Figure 6

Linear regression plots of log10 transformed macroboring rates against chlorophyll-a (µg L-1) and temperature (°C) from multiple studies across four regions,
the Pilbara, Kenya, Caribbean, and Hawaii.
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